The bioavailability and biomagnification of organophosphate esters (OPEs) were investigated in a food web in the Zhushan Bay of Taihu Lake, China. The organisms included mainly three biological groups: plankton, invertebrates, and fish, which displayed distinctly different compositional profiles of OPEs. In general, the log BAFs (bioaccumulation factor) of OPEs displayed a significant correlation with their log K ow (octanol-water partitioning coefficient), suggesting that the bioaccumulation was mainly controlled by the hydrophobicity. The log BAFs of the more hydrophobic OPEs in benthic invertebrates were higher than in fish, suggesting that ingesting sediment constituted additional exposure route for benthic invertebrates. The log BSAFs (biota-sediment accumulation factor) in the benthic invertebrates increased with log K ow in the range of 1.44-5.73 and decreased afterwards. The depressed bioavailability of the highly hydrophobic OPEs was attributed to their strong adsorption to the sediment. The biomagnification potency of OPEs was affected by hydrophobicity of the compounds and biotransformation properties in the organisms at different trophic levels. 2-Ethylhexyl diphenyl phosphate biomagnified in the fish food web of Taihu Lake with a TMF (trophic magnification factor) of 3.61, which was due to the combined results of its relatively high hydrophobicity (log K ow of 5.73) and decreased metabolism potential in the high-trophic-level fish. The constant metabolism diminished the biomagnification potency of hydrophobic compounds triphenyl phosphate and tricresyl phosphate in this food web.
Introduction
Organophosphate esters (OPEs) are a group of chemicals being produced increasingly as substitutes of polybrominated diphenyl ethers (PBDEs), which were regulated/banned due to their persistence, bioaccumulation potentials and toxicities (Wei et al., 2015) . OPEs are widely applied as flame retardants and plasticizers attributed to their low cost and good compatibility with polymer materials. The annual worldwide demand of OPEs was estimated to be 500, 000 and 680,000 tons in 2011 and 2015, respectively . OPEs are prone to escape from the applied products to surrounding environment since they are added to related products without chemical binding (Malarvannan et al., 2015) . This is evidenced by the high detection frequencies of OPEs in various environmental compartments, such as air, water, sediment, soil, biota and humans, all over the world (Brandsma et al., 2015; Strobel et al., 2018; Wei et al., 2015; Yang et al., 2014 ). In addition, many studies documented that some OPEs could elicit a variety of toxicities, including carcinogenicity, neurotoxicity, teratogenicity and cytotoxicity, to organisms . Thus, there are many recent concerns on the ecological risks which could be caused by OPEs present in the environment.
OPEs are medium to high hydrophobic with log K ow (octanol-water partitioning coefficients) in the range of 1.44-9.49 (Wei et al., 2015) . Thus, they were supposed to be bioaccumulative and were detected in wild fish (Brandsma et al., 2015; Giulivo et al., 2017; Hou et al., 2017; Malarvannan et al., 2015) . Some efforts have been done to investigate bioaccumulation of OPEs using laboratory model species (Muir and Grift, 1981; Sasaki et al., 1981; Sasaki et al., 1982; Wang et al., 2017a) under controlled conditions. A significant correlation was observed between the log BAFs (bioaccumulation factors) of OPEs in zebrafish and their log K ow , suggesting that lipids played a significant role in the distribution and deposition of OPEs in the body compartments of organisms (Wang et al., 2017a) . A field study in Beijing, China, indicated that there was a significant but weak relationship (r 2 = 0.41, p < 0.01) between the log BAF and log K ow of eight OPEs (Hou et al., 2017) . However, such correlation was not observed in fish from the Great Lakes , Nakdong River (Choo et al., 2018) and Pearl River Delta . These results indicated that the actual aquatic system was more complex and other factors related to the investigated species, such as habitat, feeding behavior, metabolism and elimination, might be also important determinants for accumulation of OPEs. These discrepant results trigger the necessity to investigate bioaccumulation of OPEs in aquatic systems with relatively heavy pollution. Sediment acts as an important sink of OPEs in aquatic system and a major exposure source for benthic organisms Xie et al., 2017 ). There were a few studies investigating the bioavailability of OPEs in sediment using fish (Giulivo et al., 2017; Hou et al., 2017; Zhang et al., 2018) . Benthic organisms, living in or close to the sediment, absorb contaminants not only from the surrounding water, but also from sediment by ingesting sediment particles, and are more suitable indicators to evaluate the bioavailability of organic pollutants in sediment (Sun et al., 2017; Ma et al., 2014) . Current studies mostly focused on water borne accumulation of OPEs in pelagic fish, and much less research has been conducted to investigate the bioavailability of OPEs in sediment to benthic organisms (Giulivo et al., 2017; Hou et al., 2017) .
Trophic transfer of organic pollutants in aquatic organisms makes the risk assessment more challenging. Besides hydrophobicity, metabolic biotransformation is also an important factor influencing the trophodynamics of various compounds . A few studies investigated the trophic transfer of OPEs in fresh and marine water systems. A lack of trophic magnification of OPEs, except tris (2-butoxyethyl) phosphate (TBOEP), in the food webs of Lake Ontario and Lake Erie was reported (Greaves et al., 2016a) . TBOEP (TMF 3.5), tris(1-chloro-2-propyl) phosphate (TCIPP) (2.2) and tris(2-chloroethyl) phosphate (TCEP) (2.6) were observed to biomagnify in the benthic food web of the Western Scheldt estuary (Brandsma et al., 2015) . The apparent contrasting results suggested that the trophic transfer of OPEs could be influenced by many factors. Previous studies indicated that several OPEs were biodegradable in the liver of humans, herring gulls, fish, bears, and seals (Greaves et al., 2016b; Hou et al., 2018; Strobel et al., 2018; Van den Eede et al., 2013) . Thus, further research is warranted to shed light on the impacts of chemical structures and biotransformation behaviors on the trophic transfer behaviors of OPEs.
Taihu Lake is the third-largest freshwater lake in China, which not only provides drinking water for the surrounding residents, but also supports many industries, such as tourism, fishing and shipping (Xie et al., 2017) . In our previous study, serious OPE pollution was observed in Taihu Lake and the most polluted area was observed in Zhushan Bay. The objectives of this study were to investigate the occurrence, bioaccumulation, and biomagnification of OPEs in aquatic organisms at different TLs which were collected from Zhushan Bay of Taihu Lake, China. To investigate the exposure sources and bioavailability of the OPEs, water and sediment samples were also collected at the same sampling sites. To explore the effects of metabolic capabilities of the organisms with different TLs on OPEs trophodynamics, liver cytosol fraction, denoted as S9, of yellow catfish, catfish and crucian carp were extracted and used to measure the metabolic rates of OPEs in the organisms occupying different TLs (3.9-5.0).
Materials and methods

Chemicals and reagents
Eleven OPEs were monitored in this study and the standards of TBOEP, TCEP, TCIPP, TPHP, tri-isopropyl phosphate (TIPP), tri-n-butyl phosphate (TNBP), tri-isobutyl phosphate (TIBP), tris(1,3-dichloro-2-propyl) phosphate (TDCIPP), 2-ethylhexyl diphenyl phosphate (EHDPP), tris(2-ethylhexyl) phosphate (TEHP) and tricresyl phosphate (mixture of isomers) (TMPP) were acquired from AccuStandard Inc. (USA). TNBP-d27, TDCIPP-d15, TCEP-d12, TEHP-d51 and TPHP-d15 were used for quantification of OPEs, among which TNBP-d27 was purchased from Cambridge Isotope Laboratories (UK), while TDCIPPd15, TCEP-d12 and TPHP-d15 were from Toronto Research Chemicals Inc. (Canada). The 4-nonylphenol (4-NP), β-nicotinamide adenine dinucleotide phosphate (NADP + ), glucose-6-phosphate (Glc-6-PO 4 ), glucose 6-phosphate dehydrogenase (G6PDH), magnesium chloride (MgCl 2 ), ethylene diamine tetraacetic acid (EDTA), potassium chloride (KCl), dithiothreitol (DTT) and phosphate buffers were purchased from Sigma-Aldrich (USA). All solvents were HPLC-grade and provided by J& K Scientific Ltd. (China). The CNWBOND GCB/NH 2 solid-phase extraction (SPE) cartridges (6 mL, 500 mg) were supplied by CNW Technologies GmbH (Germany) and Supelclean™ ENVI-18 (6 mL, 500 mg) SPE cartridges were supplied by Supelco (USA). Formic acid (HPLC grade) was purchased from CNW Technologies GmbH (Germany).
Sample collection
Water, sediment and aquatic organisms were collected from Zhushan Bay of Taihu Lake in June 2016. The water and sediment samples were collected from three sampling sites (Fig. S1 ) and detailed sampling information is given in the supporting information (SI). The aquatic organisms included phytoplankton (n = 3), zooplankton (n = 3), invertebrates [including Taihu Lake shrimp (n = 30), white shrimp (n = 30), bivalve (n = 20), pearl mussel (n = 20), freshwater mussel (n = 20) and snail (n = 40)], and fishes [including silver carp (n = 10), common carp (n = 20), crucian carp (n = 20), lake anchovy (n = 20), whitebait (n = 200), Mongolian culter (n = 10), Chinese bitterling (n = 10), gobies (n = 10), yellow catfish (n = 10), snakehead fish (n = 10), bream (n = 10), beardless sucking bard (n = 10), topmouth gudgeon (n = 20), catfish (n = 10), loach (n = 10)]. The aquatic organisms were captured following the method reported in our previous study and described in the SI (Fang et al., 2014) . The species names, numbers of each species, body length and water content of the organisms are presented in Table S1 . All samples were carefully washed with Milli-Q water upon capture. Except for whitebait, for which the whole body was used due to its tiny size, the muscle of fish and soft part of the invertebrates were dissected to investigate the bioaccumulation and tropic transfer of OPEs. Scalpel and forceps used in this process were pre-cleaned with methanol (MeOH) and Milli-Q water. All biota samples were freeze-dried, ground, homogenized, and stored at −20°C until analysis.
In vitro incubation
To investigate the intrinsic metabolic rates of the OPEs in fishes at different TLs, fresh liver tissues of yellow catfish, catfish and crucian carp were extracted. The liver S9 was prepared according to the methods by Chen et al. (2015) , and the detailed information is provided in the SI.
4-NP was added to the incubation mixture as a surrogate to diminish the variation occurring across different batches of analyses (Fay et al., 2014; Zheng et al., 2018) . All solutions and S9 fractions were pre-incubated at 25°C for 10 min. The in vitro incubations were conducted in separate glass tubes in which there were 100 mM phosphate buffer (pH 7.4) containing 2 mM EDTA, 150 mM KCl, and 1 mM DTT. The reaction mixture (1 mL) consisting of 10 μL of target compounds in dimethyl sulfoxide (DMSO) (0.5 μM for both individual OPEs and 4-NP), 300 μL of premixed NADPH regenerating solution and 100 μL of S9 fraction (1 mg/mL protein) . Reactions were initiated by adding a NADPH-generating solution (NADP + , 6.5 mM; Glc-6-PO 4 , 16.5 mM; MgCl 2 , 16.5 mM; and G6PDH, 2 U/mL). All incubations were shaken at 25°C for 0, 5, 10, 20, 50, 100, 150, and 200 min. Procedural blank samples contained active S9 and all reaction components, except the test compounds. Negative control samples were the same as the test group except that S9 was deactivated by heating it at 100°C for 10 min. At appropriate time intervals, the reaction was terminated by adding 1 mL of ice-cold methanol containing TNBP-d27, TCEP-d12, TEHP-d51 and TPHP-d15 (20 ng for each internal standard) and vortexed for 1 min. Then, the samples were immediately stored at −20°C until extraction. All reactions were performed in triplicates and repeated again to ensure its reproducibility.
The total protein concentrations of S9 fractions were determined with the Bradford Assay using bovine serum albumin as a standard (Sigma-Aldrich) (Chen et al., 2015) . The enzyme activity was indicated by CYP1A1, which was measured using the 7-ethoxyresorufin O-deethylase (EROD) ELISA kit (Haling Biotechnology Inc., Shanghai, China) (Table S2 ).
Sample pretreatment and analyses
The procedures for extraction and clean-up of the water and sediment samples followed the methods described previously and the detailed information is provided in SI (Cristale et al., 2013; Gao et al., 2016; Li et al., 2014) . Briefly, the filtered water was concentrated on an ENVI-C18 cartridge (6 mL, 500 mg; Supelco, USA). Freeze-dried sediment sample was firstly extracted with acetonitrile (ACN) and then concentrated and cleaned up using an ENVI-18 cartridge. The total organic carbon (TOC) contents of the sediment samples were measured as CO 2 in acid treated samples using a Solid TOC Analyzer (multi N/C 3100, Analytik Jena, Germany).
Analysis of OPEs in the organisms was performed according to a previously described method with minor modifications (Brandsma et al., 2015; Malarvannan et al., 2015) . Approximately 200 mg of homogenized sample was put in a 15 mL glass tube and spiked with 5 ng of TNBP-d27, TCEP-d12, TEHP-d51 and TPHP-d15 respectively as surrogates. The mixture was vortexed and allowed to stay statically overnight. Then 500 mg of anhydrous sodium sulfate was added. The sample was ultra-sonicated and extracted three times with 10 mL of ACN consecutively for 20 min each time, and centrifuged at 1500g for 15 min. The supernatant was withdrawn after each centrifugation and combined in a new glass tube. The combined supernatant was evaporated under a nitrogen stream and re-constituted with 2 mL of n-hexane (Hx). The Hx solution was passed through a GCB/NH 2 cartridge (6 mL, 500 mg; CNW, China) at a rate of one drop per second for cleanup. The cartridge was previously conditioned with 15 mL of MeOH, 15 mL of dichloromethane (DCM) and 15 mL of Hx, followed by washing with 5 mL of Hx and elution with 6 mL of Hx: DCM (8:2) and 10 mL of DCM. The eluate was evaporated under a gentle stream of N 2 to dryness and dissolved in 0.5 mL of ACN, which was centrifuged at 11,000g for 15 min at 4°C. 400 μL of the supernatant was transferred to a 2 mL brown auto-sampler vial and spiked with 5 ng of TDCIPP-d15 as internal standard.
The lipid of the benthic invertebrates was extracted with DCM: MeOH (2:1) and determined gravimetrically (SI) (Song et al., 2008) .
Measurements of OPEs in the in vitro incubations were according to the study of Hou et al. (2018) . Briefly, the incubated samples were vortexed for 30 s, ultrasonicated for 5 min, and centrifuged at 3500g for 5 min. The supernatant was collected. The samples were extracted with ACN one more time and the supernatants were combined, which were evaporated under a gentle stream of N 2 to 1 mL. The supernatant diluted by 40 times was spiked with 5 ng of internal standard TDCIPP-d15 to determine the OPE concentrations. The supernatant diluted by 2 times was used for 4-NP determination. The diluted samples were centrifuged at 11,000g for 15 min at 4°C before analysis.
The analysis of OPEs was performed on an ultra-performance liquid chromatography-tandem electrospray-triple quadrupole mass spectrometry (UPLC-MS/MS) according to a previous study . Briefly, OPEs were separated on a Waters BEH C18 column (2.1 mm × 50 mm, 1.7 μm) coupled with a VanGuard precolumn (C18 column, 2.1 mm × 5 mm, 1.7 μm). A binary eluent of water (A) and acetonitrile (B), both containing 0.1% formic acid, was used for the separation of analytes at a flow rate of 0.4 mL/min. The gradient was set as follows (with reference to B): 0 min 10% B, 1-3.5 min 50% B, 3.6 min 40% B, 4.1-6 min 50% B, 7-9 min 100% B and 10 min 10% B.
Chromatograms were recorded using positive ion mode and multiple reaction monitoring. The detailed information is described in SI and Table S3 . 4-NP was analyzed using a high performance liquid chromatograph (HPLC) (Agilent Technologies 1260, USA) equipped with a C18 column (Agilent, Eclipse Plus C18, 4.6 mm × 150 mm, 5 μm), and detected with a fluorescence detector (FLD) at 275 nm (excitation wavelength) and 310 nm (emission wavelength). Mobile-phase was ACN/ 5% ACN in water (85/15, v/v) at a flow rate of 0.6 mL/min. The column temperature was set at 40°C and injection volume was 100 μL.
Quality assurance and quality control
To compensate the matrix effects on OPE quantitation in the organisms, multi-level calibration curves were created based on the spiked blank fish muscle and high linearity (r 2 > 0.99) was obtained for all target compounds. Method blanks and solvent blanks were included with each batch of 12 samples to check background contamination and monitor any instrument carryover. Three quality control standard solutions (10 ng/mL OPE standards mixture) were run to monitor sensitivity drift along with each 8-10 real samples. The method detection limits (MDLs) were defined as the concentrations with a signal-to-noise ratio of three if the specific OPEs were not detected in the blanks. For the analytes detected in the blank, MDLs were defined as the mean blank concentrations plus three times of the standard deviations in the blanks (Table S4) . Recovery experiments were conducted by spiking the standard solutions of OPEs to water (20 ng/L), sediment (20 ng/g, dw) and fish muscle homogenate (10 ng/g, ww), and the recoveries were 72.3-138%, 74.4-124% and 95.1-115%, respectively (Table S4 ). The calculated concentrations of OPEs in the samples were not corrected for recoveries. For in vitro incubation samples, OPEs and 4-NP were spiked at 0.5 μM to determine the recoveries, which were 79.5-122%, except TEHP (55%). Thus the in vitro clearance of TEHP was not included in this study.
Stable isotope determination
Stable-nitrogen (δ 15 N) isotope is often used to determine the trophic position of animals as the δ 15 N value increases with the TL. Stablecarbon (δ 13 C) isotope is often used to infer a particular food web since different photosynthesis mechanisms result in a typical δ 13 C pattern that changes slightly throughout the food chain (Greaves et al., 2016a) . Stable isotopes δ 15 N and δ 13 C were measured by an EA-Isoprime 100 isotope ratio mass spectrometer interfaced to a vario PYRO cube elemental analyzer to determine the food web structure and trophic positions of the organisms. The homogenates of phytoplankton, zooplankton, soft parts of invertebrates and fish muscle were used to measure the δ 13 C (‰) and δ 15 N (‰) values, which are listed in Table   S1 .
Data analysis
The OPE concentrations in the organisms did not show significant correlation with their lipid contents (p > 0.05), which was in consistent with previous studies (Brandsma et al., 2015; Malarvannan et al., 2015) , thus wet weight based concentrations of OPEs were used for calculation of BAF (Ma et al., 2014) , biota-sediment accumulation factor (BSAF) (Prosser et al., 2016) and TMF (Ma et al., 2014) .
BAF is used to describe the bioaccumulation potency of individual OPEs in each species from water, and could be calculated as follows (Ma et al., 2014 ):
where C biota is the OPE concentration in biota (ng/g wet weight) and C water is the average dissolved OPE concentration in the water phase (ng/mL). BSAF is used to assess the bioavailability of OPEs from sediment, which can be estimated using the following equation (Prosser et al., 2016 ):
where C biota and C sed represent the OPE concentrations in organisms based on wet weight (ng/g ww) and in sediment normalized by TOC (ng/g TOC), respectively. TLs were calculated based on the results of δ 15 N using the following formula (Fisk et al., 2001a ):
As the baseline organism, the TL of zooplankton is assumed to be 2. The TLs of other organisms were calculated based on an enrichment factor of 3.8‰.
TMF is used to describe the food-web magnification of OPEs and estimated based on the relationship between OPE concentrations and TL (Ma et al., 2014 ).
The slope b in Eq. (4) was used to calculate the TMF with the following equation:
The intrinsic clearance rates of the substances in the in vitro experiments were determined by measuring the first-order rate constant for metabolism of the substances at a low concentration using the following equation (Hou et al., 2018; Zheng et al., 2018 ).
where t is the incubation time; C 0 and C t are the concentrations of a compound in the incubation system at time zero and t, respectively; and K is the apparent first-order biotransformation rate constant (min
). The in vitro intrinsic clearance rate (CL, mL/min/mg protein) was calculated as follows:
where C protein is the protein concentration (mg protein/mL) of S9 in the incubation system.
Statistical analysis
Statistical analyses were performed with IBM SPSS Statistics v21. Correlation analysis was performed to evaluate correlations between log BAF of OPEs and their log K ow , and between log C biota of OPEs and TLs of the organisms. Principal component analysis (PCA) was performed using SIMCA 13.0 to evaluate the OPE profiles in organism samples. For PCA, the OPE concentrations were log-transformed, and then mean centered and scaled using a Z-transform to prevent high concentration variables from dominating the analysis. For statistical purposes, the concentrations below the detection limits were treated as half of the MDLs.
Results and discussions
Concentrations and profiles of OPEs in water and sediment
The average total concentration of OPEs (∑OPEs) in the water and sediment of Zhushan Bay of Taihu Lake, China, was 1150 ng/L and 40.4 ng/g dw, respectively (Table S5 ). The ∑OPEs in the water of Zhushan Bay was comparable to that in Meiliang Bay in Taihu Lake (Yan et al., 2012) and Pearl River Estuary , China, but higher than the lakes in Beijing , China. In sediment, the ∑OPEs level was lower than that of Laizhou Bay (Wang et al., 2017b) and Pearl River Estuary (Tan et al., 2016) in China, but higher than that of other aquatic systems worldwide (Brandsma et al., 2015; Cao et al., 2017; Zhong et al., 2018) . The severe OPE pollution in Zhushan Bay might be caused by the OPE manufacturing industries located in Chenqiao and Zhoutie town of Yixing City, and other OPErelated industries, such as textile, electronics, automobiles industries (Wang et al., 2018) . X. Wang et al. Environment International 125 (2019) 25-32 In the water and sediment samples, TCIPP was the dominant compound with a respective contribution of 72.7 and 46.1% to the ∑OPEs, followed by TCEP (17.4% and 14.8%, respectively). The contributions of TEHP, TMPP and TPHP in the sediment (9.0%, 9.6% and 3.9%, respectively) were significantly higher than those in water (0.002%, 0.035% and 0.23%, respectively, Fig. 1 ). The different OPE profiles in water and sediment could be influenced by their partitioning behaviors . It was reported that the field-based log K oc (organic carbon normalized water-sediment partition coefficient) displayed a strong correlation with their log K ow , and compounds with higher hydrophobicity, such as TEHP, TMPP and TPHP, were more partitioned to sediment .
Bioaccumulation of OPEs in the organisms
The OPE concentrations in the organisms (ng/g ww) collected from Zhushan Bay are displayed in Table S5 and Fig. S2 . The ∑OPEs in the organisms ranged from 1.83 (snakeheaded fish) to 21.8 ng/g ww (bivalve). The profiles of OPEs in various organisms in Zhushan Bay were significantly different (Fig. 1) , and PCA was conducted to compare the patterns in these organisms. TBOEP, TNBP and TIPP were excluded due to their low detection frequencies (16.7%, 8.3% and 4.2%, respectively). The scores (A) and loading plots (B) in Fig. 2 indicated that the principal component 1 and 2 accounted for 39.1% and 17.2% of the variations, respectively.
The organisms displayed distinctly different OPE profiles from the water and sediment, and could be divided as three groups in the PCA plot ( Fig. 2A) . The first group consisted of zooplankton and phytoplankton, which was distinct from other two groups by predominance of TMPP (43.2%) and EHDPP (31.6%), followed by TPHP (11.5%) and TEHP (9.6%). The second group was mainly consisted of benthic invertebrates, such as bivalve, mussel and snail. In this group, TEHP, TMPP, TPHP and TDCIPP were the major OPEs with respective contributions of 24.9, 20.7, 17.2 and 15.0%. The similar OPE profiles in the pelagic and benthic fish as well as shrimps grouped them as the third group. The characteristic of this group was the predominance of TCIPP (48.1%), followed by TPHP (14.1%), TDCIPP (12.5%) and TCEP (11.5%).
The different OPE profiles in the three groups might be attributed by several factors, including exposure levels, exposure pathways, accumulation mechanisms, physicochemical properties, bioavailability and persistence of the OPE compounds. To compensate the different concentrations of OPEs in water, BAF was used to describe the bioaccumulation capacities of OPEs in water. The log BAF of individual OPEs ranged from −0.5 to 5.36 (based on wet weight concentrations). The highest log BAF was obtained for TEHP in snail-BA (Bellamya aeruginosa) and the lowest for TCIPP in snail-BA.
In the planktons, only five compounds, including TMPP, EHDPP, TPHP, TEHP and TDCIPP, were present at measurable levels, while TCIPP (log K ow 2.59) and TCEP (log K ow 1.44) were not detected although they were the main OPEs in water. This indicated that OPEs with relatively lower hydrophobicity were not easily accumulated in planktons. Fig. 3A illustrated that the log BAF of OPEs based on both wet weight and lipid weight (log BSAF lw , Fig.S3 ) increased with log K ow from 3.65 to 5.73, and then leveled off. This phenomenon was in agreement with a previous study, which reported that the log BAF lw of polychlorinated biphenyls (PCBs) and organochlorine pesticide (OCPs) in zooplankton increased with their log K ow in the range of 3-6, but deviated below the linear relationship with log K ow > 6 (Fisk et al., 2001b) . The absorption of compounds in plankton is mainly dependent on their surface adsorption and passive diffusion as a result of exchange with water. Organic compounds are usually accumulated in organisms by binding with proteins or/and partition to lipid compartments. The very low lipid content of the planktons (0.32% lipid of the wet weight ) and the low hydrophobicity made the amounts of TCIPP and TCEP partitioned in the planktons too low to be detected. As the log K ow increased from 3.65 to 5.73, influx from water increased while efflux via water decreased with increasing K ow , leading to increasing accumulation of OPEs in the planktons with the increasing log K ow (Frouin et al., 2013) . As the log K ow further increased, resistance in aqueous layers would impede the uptake (Veltman et al., 2005) , and exchange would level off for extremely hydrophobic substances (Veltman et al., 2005) . Also, the uptake of compounds with high hydrophobicity might not reach equilibrium between species and water for their limited water solubility (Frouin et al., 2013) .
In the second and third groups, almost all target compounds were detected in the organisms, suggesting that they were all able to be accumulated in benthic invertebrates and fish. Fig. 3B illustrated that in the second and third groups, the log BAF of the OPEs displayed similar increasing trend with their log K ow values (1.44-9.49), suggesting that accumulation of OPEs in the organisms was mainly driven by hydrophobicity. However, at a closer look at the regression line, it was found that the log BAFs of TMPP (log K ow 6.34) and TEHP (log K ow 9.49) were slightly below the line (Fig. 3B ). For extremely hydrophobic chemicals, the majority of them were adsorbed on the particulate matters in water, which significantly reduced their bioavailability (Frouin et al., 2013) . This phenomenon was confirmed by the dynamic experiment of EHDPP (log K ow 5.73) in rainbow trout (Muir and Grift, 1981) .
As shown in Fig. 3B , for the compounds with relatively low log K ow , such as TCIPP and TCEP, their log BAFs were similar in the invertebrates and fish, which absorbed TCIPP and TCEP mainly from pore water and surface water. For the compounds with higher log K ow values, such as TPHP, TEHP, TMPP and EHDPP, the log BAFs in the organisms were in a decreasing order of benthic invertebrates > benthic fishes > pelagic fishes, which could be due to their different exposure pathways. Besides absorption from pore water, the demersal invertebrates are frequently exposed to the sediment-associated OPEs by ingesting sediment particles, leading to higher exposure load of these hydrophobic compounds in invertebrates. Fig. 2 . Score plot (A) and loading plot (B) of PCA based on the log-transformed concentrations of OPEs in organism samples in Zhushan Bay of Taihu Lake.
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Bioavailability of OPEs in sediment
The log BSAF of OPEs (based on wet weight concentrations) in the bivalve, mussel and snail ranged from −3.84 for TCIPP in snail-BA to −0.27 for EHDPP in bivalve, which were slightly higher than those observed in the benthic fishes (Table S5 ). Normalized by lipid content (Table S1 ), the log BSAF lw of OPEs in the benthic invertebrates in Taihu Lake ranged from −2.05 to 1.37, which were slightly higher than those observed in previous studies in fish with BSAF lw mostly lower than 1 (Giulivo et al., 2017; Hou et al., 2017; Zhang et al., 2018) . The log BSAF lw of OPEs were significantly lower than those of PCBs (−0.08-2.02) and PBDEs (−0.06-3.48) in mussels (Debruyn et al., 2009) , but higher than those of substituted diphenylamine antioxidants (SDPAs) in crayfish (−0.98-0.18) (Lu et al., 2016) , implying relatively low bioavailability of OPEs in sediment for benthic invertebrates. In a previous study, topmouth gudgeon, crucian carp, and loach were used to assess the bioavailability of eight OPEs (log K ow 1.44-9.49) in sediment, and a weak but significantly positive correlation was observed between log BSAF lw and log K ow of OPEs (Hou et al., 2017) . In the present study, the log BSAF lw of the OPEs in the benthic invertebrates firstly increased with log K ow in the range of 1.44-5.73 and decreased afterwards (Fig. 4) . Accumulation of organic compounds from sediment is an integrated result of desorption of organic compounds from sediment and the following absorption from the pore water, as well as absorption from ingested sediment which bound organic contaminants (Sun et al., 2017) . For the extremely hydrophobic compounds, it was very hard for them to desorb from the sediment (Lu et al., 2016) . Thus, the bioavailability of these compounds was very low. Similar parabolic relationships were also observed between log BSAF lw and log K ow for PCBs and PBDEs (log K ow 4.5-9.5), with maximum BSAF values for the congeners with log K ow between 6 and 8 (Debruyn et al., 2009 ). Thus, benthic invertebrates, which live in the bottom sediment and feed on sediment particles, could be more appropriate than fish to evaluate the bioavailability of OPEs in sediment.
Trophic transfer of OPEs in the food web
For all organisms analyzed in this study, the measured δ 15 N ranged widely from 7.4 to 18.8‰, and that of δ
13
C was in the range of −31.5 to −23.6‰ (Fig. S4) . The calculated trophic positions are listed in Table S1 . According to the predator-prey relationship of Taihu Lake, some small-sized bivalves, mussels and snails might occasionally become prey of fishes, but the pollutants in these invertebrates were difficult to be released via digestion (Mao et al., 2014a; Ma et al., 2014) . In addition, the size of collected benthic invertebrates in this study (1.2-5 cm) was relatively large (Mao et al., 2014a) , and the species had a lower probability to be preyed by the studied fishes. Thus, the benthic invertebrates were excluded from the trophic transfer analysis. The δ 13 C of the planktons was 2‰ higher than fish although they were at low trophic level (Fig. S4 ). This suggested that the planktons did not constitute the major dietary carbon source of fish (Mao et al., 2014b) . Thus, planktons were also excluded from the food web analysis. TMFs were calculated to describe trophic magnification of OPEs in the fish food web in Taihu Lake. Among the target OPEs, there was a significantly positive relationship between log C biota of EHDPP (log K ow of 5.73) and TL, with a TMF of 3.61 (p < 0.05) (Fig. 5A ). This was in accordance with the general rule that substances with log K ow of approximately 5-8 exhibit significant trophic magnification potential in aquatic food webs . For the three chlorinated-OPEs and TIBP (log K ow of 1.44-3.65), it was expected that there were no significant correlations between log C biota and TL (Fig. S5) . Although the log K ow of TPHP (4.59) and TMPP (6.34) are almost within the range of 5-8, they displayed a weak increasing trend between log C biota and TL. Besides hydrophobicity, previous studies reported that metabolic biotransformation also greatly affected the biomagnification of a compound . To understand the impacts of biotransformation on the biomagnification of OPEs, in vitro incubation was conducted to assess the intrinsic clearance rates of OPEs with the liver S9 fractions of crucian carp, catfish and yellow catfish, which occupied a relatively wide range of TLs (Fig. S6) . 4-NP was used as a reference to minimize the variation occurring across different batches of analyses for its low intra-laboratory variability in the in vitro experiments (Fay et al., 2014; Zheng et al., 2018) .
The in vitro intrinsic clearance rate (CL) of the target compound Fig. 3 . Relationships between the calculated log BAF (wet weight) and log K ow of OPEs. Fig. 4 . Relationships between the calculated OPEs log BSAF lw in benthic invertebrates with their log K ow .
relative to that of reference compound 4-NP, i.e. CL/CL 4-NP , was used as an index to evaluate the relative metabolism potentials of the target compounds in the fish liver S9. A higher CL/CL 4-NP implies a greater metabolism potential. Among the target compounds, high CL/CL 4-NP values (3.86 and 2.44) were observed for EHDPP in the liver S9 fractions of crucian carp and catfish, respectively; while it was approaching zero in the S9 of yellow catfish (Fig. 5B ). This suggested that EHDPP had higher metabolism potential in the low-trophic-level organisms, but was very stable in the high-trophic-level fish. Previous study reported that tetrabromo-o-chlorotoluene and pentabromobenzyl acrylate displayed significant trophic magnification in the food web of Taihu Lake due to their stability in the high-trophic-level yellow catfish . Thus, the metabolism properties of EHDPP and its relatively high hydrophobicity corroborated the distinct magnification with TMF of 3.61. The medium CL/CL 4-NP of TPHP (1.33-1.5) and TMPP (2.11-2.71) suggested that they experienced steady metabolisms in the studied fish species (Table 1) . This diminished the biomagnification trend of TPHP and TMPP in this food web, although their hydrophobicity implied a biomagnification potency. No significant correlation was observed between the log-transformed wet weight concentration of TPHP or TMPP and the TLs in the food web in Meiliang Bay of Taihu Lake .
For the three chlorinated-OPEs, the CL/CL 4-NP was relatively low and in the range of 0-1.33, except TDCPP in crucian carp (CL/CL 4-NP = 3), suggesting that they were resistant or biotransformed slowly in the liver S9 fractions of the fishes. The low metabolism potential and low hydrophobicity fortified that there was no obvious biomagnification potency for these compounds (Table 1 and Fig. S5 ). Similar trends were also found for chlorinated-OPEs in the pelagic food web in Western Scheldt estuary (Brandsma et al., 2015) and the food web in Meiliang Bay of Taihu Lake (Zhao et al., 2018) .
Conclusions
The results in this study indicated that the bioaccumulation of OPEs in aquatic organisms was not only controlled by their hydrophobicity, but also affected by the exposure pathways and accumulation mechanisms of the organisms. The log BSAFs of OPEs displayed a parabolic relationship with log K ow , which was an integrated result of desorption of OPEs from sediment and partition to lipid components in the organisms. The biomagnification of OPEs in the fish food web could not only be explained by the hydrophobicity of the compounds, their biotransformation in the organisms at different TLs also played a vital role. The results provided scientific information for long term risk assessment and pollution control of OPEs in Taihu Lake. Fig. 5 . The correlation relationships between the EHDPP log C biota and TLs (A); depletion curves of EHDPP in the incubations with liver S9 of crucian carp (blue, inverted triangle) (TLs = 3.9), catfish (yellow, circle) (TLs = 4.4) and yellow catfish (green, square) (TLs = 5.0) (B). (For interpretation of the references to colour in this figure legend, the reader is referred to the web version of this article.) Table 1 Relationship between logarithm of concentrations in organisms and TLs, and in vitro intrinsic clearance values (mL/min/mg protein) of OPEs. 
